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• Combined capping-oxidizing treatment

had significant advantages over the in-

dividual treatments.

• SRP in the overlying water were only

10%, 21% and 4% for the CK, LMB and

CN treatments.

• Immobilization P effect reached from

the SWI to a depth of 60mm in the sed-

iment.

• Ammonia nitrogen concentrations in

the pore water eventually returned to

the normal level.
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A newmethod has been developed for improving the overall immobilization efficiency of phosphorus (P) in sed-

iment. A capping agent (lanthanummodified bentonite, LMB) was sprinkled on the sediment surface to prevent

the release of P in the top sediment layer. Meanwhile, an oxidizing agent (calcium nitrate, CN) was injected into

the sediment layer (~5 cm) to immobilize labile P in deep sediment layers. High-resolution sampling techniques,

including diffusive gradients in thin films (DGT) and high-resolution dialysis (HR-Peeper) were employed to in-

vestigate the fine-scale changes of labile and/or soluble nitrogen, P, sulfide and iron in sediments, respectively.

The results showed that the combined application of LMB and CN had significant advantages over the individual

treatments. The average concentrations of soluble reactive phosphorus (SRP) (0.01 mg/L) in the overlying water

after a 68-day incubation were only 10%, 21% and 4% for the CK, LMB and CN treatments, respectively. Further-

more, the immobilization effect caused by the combined treatment reached from the sediment-water interface

to a depth of 60 mm in the sediment, and the effective depth was much N20 mm caused by LMB treatment.

The concentrations of SRP in the sediment profile were also lower than those of the other treatments. The results
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of this work indicate that the combined application of capping and oxidizing agents is a promising method to

control water eutrophication by preventing the release of P from both the top and deep sediment layers.

© 2019 Elsevier B.V. All rights reserved.

1. Introduction

In-situ immobilization technique is a commonly used method to

control the release of phosphorus (P) from sediments in eutrophic

lakes (Wang and Jiang, 2016). Its principle is to convertmobile P in sed-

iments into P in more stable forms by adding active materials (Wang

et al., 2014). Mobile P fractions can be stabilized and solidified through

chemical adsorption, flocculation, precipitation, or chemical reaction

between chemical materials and P in various forms in sediments

(Lurling et al., 2014). There are many in-situ immobilization materials,

mainly including aluminum salt (Lurling et al., 2016; Rydin et al.,

2017), iron salt (Kowalczewska-Madura et al., 2017), calcium salt

(Dittrich et al., 2011; Liu et al., 2009), lanthanum modified bentonite

(LMB) (Copetti et al., 2016; Spears et al., 2016), nitrate (Xu et al.,

2014; Yamada et al., 2012), waste mud of water plants (Wang et al.,

2016), new modified materials (Wang et al., 2018; Zhang et al., 2017)

and combination of various materials (Lurling et al., 2017; Waajen

et al., 2017).

LMB is formed by ion exchange between lanthanumand ions in ben-

tonites. It is a kind of bentonite modified by lanthanum containing

about 5% lanthanum (Meis et al., 2013). LMB was originally developed

as P (mainly orthophosphate) adsorbent for the treatment of eutrophic

waterbodies and was put into production by Australian CSIRO Institu-

tion in 1990s. At present, LMB is one of themost commonly used mate-

rials in P control research and is used in N200 waterbodies around the

world, including eutrophic fish ponds, rivers and lakes, of which about

50% are distributed in Europe, 30% in Australia and New Zealand, 15%

in North America and the rest in Asia, Africa and North America

(Copetti et al., 2016). However, it was also found that the use of LMB

was not effective in some lakes, such as Het Groene Eiland Lake in the

Netherlands (Lurling and van Oosterhout, 2013). Lang et al. (2016)

studied the effects of LMB treatment in Loch Flemington Lake (United

Kingdom) and found that the eutrophication of the lake was not im-

proved and the cyanobacteria bloom was not controlled after the addi-

tion of LMB for two years. Reasons for the inefficiency of LMB may

include the effects of resuspension or cyanobacteria deposition, the im-

pacts of redox conditions, pH, alkalinity and dissolved organic carbon

(DOC) on the adsorption of P by LMB and the addition of insufficient

amount of LMB for controlling P (Copetti et al., 2016).

Since Ripl's first report, calcium nitrate treatment has been consid-

ered as a feasible technology for in-situ remediation of sediments (Foy,

1986; Ripl, 1976). The basic principle of nitrate treatment technique is

to stimulate denitrification by adding nitrate, to degrade organicmatter,

to reduce the chemical energy of loose degradable organicmatter, to ox-

idize reduced FeS to iron-oxygen (hydrogen-oxygen) compounds

(FeOOH) and to absorb phosphate in pore water. When the chemical

energy of organicmatter is low to a certain extent, mobile P in sediment

can be fixed (Feibicke, 1997). Nitrate can easily dissolve in lake water,

and its solubility is several orders of magnitude higher than that of ox-

ygen. Therefore, nitrate permeates more easily into sediments than ox-

ygen, and consequently, the range of oxidized iron produced by nitrate

is larger (Hansen et al., 2003). At present, the research on calcium ni-

trate treatment involves many aspects, such as black-odor treatment

(Shao et al., 2011; Zhang et al., 2009), endogenous P control (Yamada

et al., 2012), and organic pollutants remediation (Cunningham et al.,

2001; Hutchins et al., 1998). Many studies have shown that adding cal-

cium nitrate to promote denitrification is an economical and effective

method to treat the black-odor problem in sewage, oil storage and

sediments (Garcia-de-Lomas et al., 2007; Jiang et al., 2009; Shao et al.,

2011;Wang et al., 2016). In simulation experiments, nitrate successfully

suppressed the release of P in sediments in East Lake, China (Lin et al.,

2017; Liu et al., 2009), Upper Mystic Lake, USA (Hemond and Lin,

2010), Vedsted Lake, Denmark (Hansen et al., 2003), Ibirite Reservoir,

Brazil (Yamada et al., 2012), and other lakes (Bostrom and Pettersson,

1982; Na and Park, 2004; Tiren and Pettersson, 1985).

During the immobilization process, the slow release of potential P

sources in sediments weakens the effects of remediation (Wang et al.,

2016). In order to solve this problem, increased dosage or repeated ad-

dition of immobilization agents is required in lakes (Kleeberg et al.,

2013; Meis et al., 2013). However, overdose in a single addition would

have an adverse impact on the water ecological environment (Gołdyn

et al., 2014). Furthermore, repeated application is bound to increase

the cost of treatment. Therefore, the development of combination tech-

nologies with low dose, high P fixation capability and stable P fixation

effect is the focus and hot spot of current research. Although the P con-

trolling effect of LMB is stable, its influence range on endogenous P in

sediments is limited to 1–2 cm of surface layer and it cannot stabilize

the bottom P (Wang et al., 2017). Calcium nitrate can significantly affect

the stability of P in the deep sediment layers, but may have poor con-

trolling effect on the release of P in the top sediment layer (Lin et al.,

2015; Lin et al., 2017). Therefore, combined use of LMB and calcium ni-

trate has the potential to overcome the defects of the respective agents

and to have better control over the P release from sediments.

In this study, sediment simulation experiment was conducted to in-

vestigate the effects of single and combination applications of LMB and

calcium nitrate on the release of P from sediments. High-resolution

sampling techniques including diffusive gradients in thin films (DGT),

high-resolution dialysis (HR-Peeper) and microelectrode were used to

investigate the fine-scale changes of several targets, such as dissolved

and/or labile nitrogen, P and iron in sediments under different treat-

ments. The effects of different application methods on the release of P

from sediments were compared and the mechanisms involved in the

processes were explored.

2. Materials and methods

2.1. Materials

LMBwas provided by Fusiyueke LLC (Sichuan, China). The LMB sam-

ple was ground and passed through a 2 mm pore-size mesh before use.

HR-Peeper and DGT probes were provided by Easysensor Ltd. (Nanjing,

China). The probes were deoxygenated using nitrogen for 16 h prior to

use. Water and sediment samples used for incubation experiments

were collected from the Nanfei River input to Lake Chaohu (the fifth

largest freshwater lake in China) in Anhui Province, China (117.401°

N, 31.717° E). Sediment column samples were collectedwith cylindrical

sampler, and the bottom was sealed with rubber plug. The water and

sediment properties have been reported elsewhere (Wang et al., 2017).

2.2. Experimental core microcosm set-up

The sediment coreswere sectioned at 2 cm interval. All the sediment

sections taken at the same depth were mixed and homogenized,

followed by removal of large particles and macrofauna through a

mesh of 0.6mmpore size. The sediment samples were placed in 16 Per-

spex tubes according to their original depths to form a 14 cm thickness
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sediment core. The water samples were filtered through a 0.45 μm ni-

trocellulose filter (Millipore). Then, they were siphoned into the sedi-

ment core tube, and the thickness of the water layer was about 15 cm.

Four sediment cores were selected for insertion of Rhizon samplers.

The samplers were installed at the depth of 0 (the position of the

sediment-water interface; SWI),−10 (the minus denotes the position

below the SWI),−20,−30,−40 and−60mmin sediments. All the sed-

iment core tubes were deployed in a water bath at 25 °C for onemonth,

and the water layer was replenished every 2–3 days.

The sediment cores were divided into 4 groups, and each group

was treated according to four methods, including the control with-

out addition of any agents (abbreviated as CK), application of LMB,

application of calcium nitrate (CN), combined application of LMB

and calcium nitrate (LMB + CN). For the LMB treatment, LMB was

evenly sprinkled on the sediment surface. The application dose of

LMB was 120 LMB/Pmobile (the molar ratio of the amount of LMB

to that of mobile P in the surface 4 cm sediments) (Wang et al.,

2017). The content of Pmobile was determined according to the

scheme developed by Rydin and Welch (1999). For the CN treat-

ment, calcium nitrate (Ca(NO3)2·4H2O) was mixed with filtered

lake water and injected into the sediment at the depth of −5 cm.

The dose of calcium nitrate application was 45.3 g N/m2, which

was lower than that reported by Yamada et al. (2012). For the

LMB + CN treatment, calcium nitrate was first injected into the sed-

iments followed by application of LMB according to the same

methods and dosages as mentioned earlier.

Porewaters in sedimentswere collected at intervals of hours or days

(once before adding treatment agents, 0 h). About 0.8 mL of pore water

was collected by Rhizon sampler at each time point, and dissolved iron,

dissolved nitrate nitrogen and ammonia nitrogen, and SRP, were deter-

mined immediately after collection. The pH, DO and conductivity at the

depthof 30mmin theoverlyingwaterweremeasured regularly. Onday

67 after treatment, the pH and redox state weremeasured usingmicro-

electrode (Unisense, Denmark). Zr-oxide and AgI DGTs were used to

measure labile P and sulfide (S(-II)) in the sediment-water profiles on

two-dimensional, submillimeter levels. ZrO-Chelex DGT was used to

measure labile Fe on one-dimensional, millimeter level. All three DGTs

were inserted vertically into the sediments, leaving about 2 cm above

the SWI. The DGT device was removed 24 h after it was inserted into

the sediments. The surface of the DGT probes was washed with deion-

ized water and then the probe was placed into a clean self-sealing bag

before analysis.

2.3. Analytical methods

The DO concentration and conductivity of the overlying water were

measured by an oxygen dissolving instrument (Leici JPB-607A, Shang-

hai) and a conductivitymeter (Leici DDB-303A, Shanghai), respectively.

The pH of the overlying water was measured by a portable pH meter

(Leici PHBJ-260, Shanghai). The SRP and dissolved iron were deter-

mined bymolybdenum blue and phenanthroline colorimetric methods,

respectively (Murphy and Riley, 1962; Tamura et al., 1974). The concen-

trations of NO3
−-N, NH4

+-N and NO2
−-N were determined by ultraviolet,

salicylic acid-hypochlorite, and N-(1-naphthyl)-ethylenediamine spec-

trophotometric methods, respectively (Lu, 1999).

The Zr-oxide gel retrieved from the Zr-oxide gel DGT was colorated

in a mixedmolybdenum reagent at 35 °C for 45min. The concentration

of DGT-labile P was then determined by a computer imaging densitom-

etry (CID) technique (Ding et al., 2013). The surface of the AgI binding

gel was directly scanned to obtain the grayscale intensity, and the con-

centration of DGT-labile sulfide was further determined by a CID tech-

nique (Ding et al., 2012). The ZrO-Chelex binding gel was sliced at

intervals of 4 mm. Each slice was eluted for Fe using 1.0 M HNO3. The

concentration of Fe was determined using the phenanthroline colori-

metric method mentioned earlier.

2.4. Data analysis

The grayscale images of the AgI and colorated Zr-oxide gel surfaces

were converted to P or S(-II) cumulative quantity (M) using the calibra-

tion curves established before (Ding et al., 2012, 2013). Then, the labile

P or S(-II) was calculated as the flux of P or S(-II) (FDGT) by using Eq. (1)

(Li et al., 2019),

FDGT ¼ M=At ð1Þ

where M represents the cumulative amount of P or S(-II), A represents

the exposed area of the fixed film, and t represents the deployment

time of the DGT device in sediments.

The DGT-labile Fe was interpreted as the time-averaged concentra-

tion at the probe interface (CDGT), as shown by Eq. (2) (Li et al., 2019):

CDGT ¼
M∆g

DAt
ð2Þ

where Δg is the thickness of the diffusion layer (cm); D is the analyte

diffusion coefficient in the diffusion layer (cm2·s−1); t is the deploy-

ment time (s); A is the gel exposure area (cm2); and M is the corre-

sponding accumulated mass over the deployment time (μg).

The obtained flux or concentration data were plotted by Origin 8

software, and the difference between the different treatments was ana-

lyzed by independent sample t-test (SPSS v19.0). The significance level

was p b 0.05.

3. Results and discussion

3.1. Variation of sediment appearance

The visible appearance of sediments after injection of calciumnitrate

at the depth of−50 mm is shown in Fig. 1. An oxide layer with a thick-

ness of about 20 mm existed at the SWI before the injection of calcium

nitrate. On the 0.5th and 1.5th day, the variation of sediment appear-

ance was not significant. On the 2.5th day, a light color appeared at

−120 to −150 mm depth of the sediment. On the 4th day, the light-

colored region expanded and the thickness of surface oxide layer in-

creased to about 50 mm. During the 4th to 13th days, the thickness of

the oxide layer increased with time. On the 13th day, the range of the

light-colored region expanded to 180mmfrom the surface layer. During

the 13th to 69th days, therewas no obvious change in the appearance of

the sediment. After treatment for 69 days, the sediment core could be

divided into three layers according to the appearance: light tan layer

at 0 to −70 mm, light gray-black layer at −70 to −180 mm, and

black layer below −180 mm. Similar phenomena were observed by

Hansen et al. (2003) and Yamada et al. (2012), where the black sedi-

ment turned yellow-orange after 34 days of sodium nitrate treatment

or 145 days of calcium nitrate treatment, respectively.

3.2. Changes in conductivity, pH and redox state

The variation of pH, DO concentration and conductivity in the over-

lying water after treatments is shown in Fig. 2. On the 44th day, the pH

of the overlying water after LMB + CN treatment was significantly

lower than that after LMB treatment (p b 0.05), and there was no signif-

icant difference from that after CK treatment. On the 11th day and 68th

day, there was no significant difference in pH between the different

groups (p N 0.05). On the 11th day, the DO concentration after LMB

treatment was significantly lower than the other groups, and there

was no significant difference between the groups on the 44th and

68th days. On the 44th day, therewas a significant difference in conduc-

tivity between the groups, which could be ranked from small to large as

follows: LMB + CN treatment N CN treatment N LMB treatment N CK

treatment. On the 68th day, there was no significant difference in the

conductivity between LMB treatment and CK treatment, while the
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conductivity after CK treatment was significantly higher compared to

the other groups. The conductivity after CN treatment was significantly

higher than that after CK and LMB treatments.

The variation of pH and redox state in the sediment-water pro-

files after 67 days treatment is shown in Fig. 3. There was no

significant difference in pH between the CK, LMB and CN treatments

(p N 0.05). There was no significant difference in pH between LMB

+ CN treatment and CK treatment at 5 to −1.5 mm depths, while

the difference was significantly lower than that after CK treatment

at −2 to −19 mm depths. The pH after LMB + CN treatment was

Fig. 1. Variation of the appearance of sediment profiles after combined application with lanthanum modified bentonite and calcium nitrate.
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significantly lower than that after LMB treatment at −8.5 to

−13.5 mm depths, which was significantly lower than that after

CN treatment at −8.5 to −15.5 mm depths.

The Eh value after LMB treatment was significantly higher than that

after CK treatment at 5 to−2.5 mmdepths (p b 0.05), and there was no

significant difference between LMB treatment and CK treatment at

−2.5–30 mm depths (p N 0.05). Eh values after CN treatment and LMB

+ CN treatment were significantly higher than the corresponding

values after CK treatment at 5 to −30 mm depths. Eh value after CN

treatment was significantly higher than that after LMB treatment at
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−2 to −30 mm depths. Moreover, Eh after LMB + CN treatment was

significantly higher than that after LMB treatment at −4.5 to −30 mm

depths.

3.3. Changes in nitrogen

The changes in NO3
−-N concentrations in pore water with time after

the four treatments are displayed in Fig. 4. The concentrations of NO3
−-N

in pore water after CK treatment were in the range of 1.80–2.53 mg/L,

and there was no significant difference between 0 and 68 days. In addi-

tion, the NO3
−-N concentrations after LMB treatment had no significant

difference compared to CK treatment. The nitrogen concentrations in-

creased sharply at 2 h after CN treatment and LMB + CN treatment.

The concentration of NO3
−-N increased to 594–1390mg/L after CN treat-

ment, and the maximum and minimum concentrations were at

−20mm and−60mmdepths, respectively. At 2 h, the NO3
−-N concen-

tration after LMB + CN treatment was much higher than that after CN

treatment at −40 mm. This could be because the Rhizon sampler just

collected the pore water at the injection point of Ca(NO3)2 solution.

The concentration of NO3
−-N after LMB + CN treatment decreased

rapidly at−40mm, and the injected Ca(NO3)2 solution at 4–12 h grad-

ually spread to other zones.

From 4 h to 68 days, the concentration of NO3
−-N after CN treatment

and LMB+ CN treatment showed decreasing trends overall, with some

intermittent increases. For example, the concentrations increased at

−30,−40 and−60mmaround the 10th day. On the 9th day, it was ob-

served that the NO3
−-N concentration at−30mmafter LMB+CN treat-

ment decreased to 2.40 mg/L, and increased to 13.08 mg/L on the 10th

day. The NO3
−-N concentration decreased to 2.78 and 1.36 mg/L at

−40mmon 9th and 10th days after CN treatment and LMB+CN treat-

ment, respectively, but then the concentration increased again. On the

8th day, the NO3
−-N concentration after CN treatment and LMB + CN

treatment decreased to 1.97 and 1.80 mg/L at −60 mm, respectively,

following a slight increase. On the 68th day, the NO3
−-N concentrations

after CN treatment were 17.51, 6.90, and 2.80 mg/L at the depths of 30,

40, and −60 mm, respectively. The corresponding values were 29.32,

10.77, and 3.41 mg/L after LMB+ CN treatment, respectively. These re-

sults suggested that NO3
−-N in the surface pore water continued to dif-

fuse into the deep layers, and the sediments at−30,−40, and−60mm

had the ability to consume the injected and diffused NO3
−-N to the pre-

treatment level.
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On the 68th day, theNO3
−-N concentrations after CN treatmentwere

49.83, 41.65, and 32.39 mg/L at depths of 0,−10, and−20mm, respec-

tively, and the corresponding values after LMB + CN treatment were

70.85, 56.88, and 33.50 mg/L, respectively. The average daily consump-

tion rate was calculated from the NO3
−-N concentrations after CN treat-

ment and LMB + CN treatment from the 46th to 68th day, and the

results are shown in Fig. 5. The average consumption rate of NO3
−-N

after CN treatment was 1.27–1.46 mg/L/day, and that after LMB + CN

treatment was 0.44–1.29 mg/L/day. Thus, it can be inferred that at day

68, the concentrations of NO3
−-N were still decreasing at 0, −10 and

−20 mm, and the injected NO3
−-N was still being consumed. Based on

the consumption rate at the 68th day, it was necessary to continue the

incubation for 34 days, and the added NO3
−-N could be completely con-

sumed after CN treatment. After 76 days of incubation, the added NO3
−-

Nwas completely consumed after LMB+CN treatment. In addition, the

simulation experimentwas limited by experimental conditions, and the

height of the overlying water was only 20 cm, which was far less than

the actual water depth in the lake. In practical applications, the concen-

tration of NO3
−-N in the overlying water will be much lower than the

simulation experiment due to the dilution of water flow. Therefore, in

the actual situation, whether NO3
−-N can be restored to the pre-

treatment level after CN and LMB + CN treatments still needs further

verification by experiments.

The changes in NH4
+-N concentrations in pore water with time after

the four different treatments are displayed in Fig. 6. Before the

Fig. 5.Average daily consumption rate of NO3
−-N in different depths of sediments from the

46th to 68th day.
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Fig. 6. Changes in concentrations of soluble ammonia nitrogen with time in sediment-water profiles.
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incubation of CK treatment (0 h), the NH4
+-N concentrations in pore

water increased with the depth and were in the range from 0.34 to

20.10 mg/L. The NH4
+-N concentrations after LMB, CN and LMB + CN

treatments rapidly increased at 2 h. LMB treatment and LMB + CN

treatment showed the largest increase at 0 mm, indicating that LMB

may contain NH4
+-N. At 12 h, the NH4

+-N concentrations after LMB

treatment were 13.94, 13.49, 23.88, 26.11, 17.07 and 34.60 mg/L at the

depths of 0, −10, −20,−30, −40 and −60 mm, respectively. Further-

more, the NH4
+-N concentrations were 0.67, 5.22, 4.49, 5.89, 8.23, and

9.59 mg/L on the 68th day at these depths, respectively, and there

were no significant differences compared with the CK treatment. The

concentrations of NH4
+-N after CN treatment increased with time from

0 to 16 h, and the concentration in the deeper region increased more

than that in the surface layer. The NH4
+-N concentrations at the 16th

hour were 8.39, 22.34, 34.97, 50.45, 49.26 and 55.12mg/L, respectively.

From 20 h to 68th day, the NH4
+-N concentrations decreased with time,

and were 0, 0, 0, 0.23, 5.69, and 10.52 mg/L on day 68. These values are

much lower compared to the corresponding values for CK treatment.

The concentration of NH4
+-N increased with time from 0 to 38 h during

LMB + CN treatment, and the peak values were 13.08, 19.07, 36.14,

45.67, 52.15 and 51.26 mg/L, respectively. NH4
+-N concentrations

gradually decreased with time from 38 to 68 days, and decreased to 0,

0, 0.36, 1.59, 4.94 and 5.67 mg/L on day 68. The concentration of NH4
+-

N after LMB + CN treatment was much smaller than that after CK

treatment.

The enrichment of NH4
+-N in water bodies and its toxicity to aquatic

organisms has received increasing attention (Rao et al., 2018; Yan et al.,

2019; Zhuang et al., 2019). Studies have shown that the accumulation of

excessive ammonia nitrogen can reduce the carbohydrate and starch

contents of aquatic plants and inhibit plant growth (Cao et al., 2007;

Rao et al., 2018; Zhuang et al., 2019). In ammonia nitrogen-rich waters,

aquatic plant leaves tend to absorb NH4
+-N rather than nitrogen

(Nichols and Keeney, 1976), and continue to absorb NH4
+-N even after

absorbing the amount needed to sustain plant growth. To avoid exces-

sive enrichment in the body, plant tissues synthesize excess NH4
+-N

into other nitrogen compounds (such as free amino acids) or transport

them out of the tissue. These processes can consume large amounts of

sugars and energy and inhibit the synthesis of biomass (Cao et al.,

2007; Yuan et al., 2013). In this study, NH4
+-N in the pore-water after

LMB, CN and LMB + CN treatments increased over a short period of

time (about 11 days). However, after 68 days of treatment, the NH4
+-N

concentration returned to a lower level. The NH4
+-N concentrations
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after CN treatment and LMB+CN treatment were even lower than that

of the control.

3.4. Changes in sediment Fe

Fig. 7 presents the changes of soluble Fe in pore water after the four

treatments. At the control treatment, the concentrations of soluble Fe

increased with the increase in depth, from 0.26 to 5.55 mg/L between

0 and −60 mm. Compared to the control, LMB treatment reduced the

concentration of soluble Fe after 24 h treatment. The largest difference

appeared on the 7th day, when the average concentration of soluble

Fe decreased from 4.21 to 1.88 mg/L. This was likely caused by the ad-

sorption of Fe2+ ion by LMB. The adsorption capacity of 8.51 mg/g

was obtained through batch adsorption experiments (Ding et al.,

2018). After the addition of Ca(NO3)2, the concentration of soluble Fe in-

creased slightly, but was still lower than that of the control at the SWI

(0 mm). It gradually increased from −10 to −60 mm with the maxi-

mum value varying from 11.07 to 46.75 mg/L, and decreased with

time from 12 h to 68 days. The concentrations of soluble Fe were 0.25

to 8.88 mg/L at the 68th day from −10 to −40 mm, which were

lower than those after CK treatment. After LMB + CN treatment, the

concentrations of soluble Fe increased slightly with increase in time at

the SWI, but remained lower than those of the control treatment. The

concentration of soluble Fe reduced to 0.09 mg/L at −10 mm depth,

and first increased and then decreased with time from −20 to

−60 mm. Its maximum value ranged from 26.05 to 68.94 mg/L, which

decreased to 0.25–7.68 mg/L at the 68th day.

Fig. 8 shows the vertical distribution of DGT-labile Fe after the differ-

ent treatments for 68 days. For all treatments, the concentrations of

DGT-labile Fe remained at a low level from 10 to −15 mm, and there

were no obvious differences between different treatments. The concen-

trations were obviously lower than those of the control treatment from

0 to −65 mm. The average values of DGT-labile Fe concentrations de-

creased to 0.066 and 0.056 mg/L at the depths of −25 and −60 mm.

There was no obvious difference among different treatments from

−70 to −80 mm.

After the addition of Ca(NO3)2, nitrate is used as electron receptor to

oxidize sulfur participating in iron sulfide precipitation. Consequently,

Fe (II)would be released, whichwould then be oxidized, and eventually

form FeOOH (which can bind to phosphate) (Yamada et al., 2012). This

process directly resulted in the decrease in concentrations of soluble

and DGT-labile Fe in the sediment as observed earlier (Figs. 7–8). On

the other hand, a part of Fe in sediment exist in the form of stable and

insoluble Fe sulfides in anoxic sediments. Sulfides in sediments, also

known as acid volatile sulfides (AVS), are very sensitive to oxidation en-

vironment. When sulfides are oxidized by nitrate, sulfide-associated

metals, such as Fe, Cu, Cd, Zn, Pb and Ni, can be activated and released

into pore water and overlying water (De Jonge et al., 2012). This was

demonstrated by the increases of soluble Fe concentrations in pore

water at the early incubation period (up to 84 h) (Fig. 7).

3.5. Changes in sulfide

The changes in DGT-labile S(II)fluxes in the sediment-water profiles

after 68 days of different treatments are presented in Fig. 9. The DGT-

labile S(II) after LMB treatment was significantly higher than that after

CK treatment. This was likely due to the decrease in soluble Fe(II)

adsorbed by LMB (Fig. 7), resulting in less Fe(II) to bindwith and precip-

itate S(II). The DGT-labile S(II) fluxes after CN treatment and LMB+CN

treatment were significantly lower compared to CK treatment at 0 to

−65 mm and 0 to −75 mm, respectively, and the flux was close to 0.

The addition of Ca(NO3)2 significantly affected the circulation of sulfur

in the sediment, which oxidized the reduced sulfur, resulting in an in-

crease in the concentration of SO4
2−. This was consistent with the previ-

ous research on the treatment of black odorouswastewater by Ca(NO3)

2. After adding Ca(NO3)2 to the wastewater, most or all of the sulfides

were quickly removed, producing a large amount of SO4
2−. The N/S

ratio was correlated with the formation of SO4
2− (De Lomas et al.,

2006; Watsuntorn et al., 2019). There are similar reports on the use of

Ca(NO3)2 to treat black odorous sediments. Feibicke (1997) found that

the concentrations of SO4
2− in the overlying water and interstitial

water were significantly reduced by injecting Ca(NO3)2 into a fjord sed-

iment in Germany. Xu et al. (2014) applied 45.3 g N/m2 of Ca(NO3)2
three times in river sediments, and found that the concentration of

SO4
2− in pore-water increased from 3.59 mg/L to 17.55 mg/L after

96 h. In surface sediments, the sulfide contentwas significantly reduced.

These findings suggested that Ca(NO3)2 treatment can significantly

ameliorate the black odor of water and sediment problem.

3.6. Change in phosphorus

Fig. 10 shows the variation of SRP with time in pore water of sedi-

ments. Before the incubation, the concentrations of SRP ranged from

0.17 to 3.08 mg/L, and the maximum and minimum values existed at

the depths 0 and−30mm, respectively. However, after LMB treatment,

the concentration of SRP decreased nearly to 0 at thedepth of 0mm, and

did not increase during the experimental duration. At the depth of

−10 mm, the concentration of SRP increased from 0 to 12 h, and then

decreased from 12 to 46 h. Its value was 2.32 mg/L at the 68th day,

which was higher than that of the control treatment. At the deeper

layer from−20 to−60mm, SRP fluctuated with no significant increas-

ing or decreasing trends. Compared to the control treatment, there was

no obvious difference. These results indicate that the LMB dosage used

in this experiment could control SRP in pore water up to a depth

b10 mm below the SWI. For the single group after Ca(NO3)2 treatment,

the concentration of SRP only slightly changed, at the depth of 0 mm,
Fig. 8. Change of DGT-labile Fe in the sediment-water profiles after the four treatments for

68 days.
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and then increased from 14th to 68th days to reach 0.28 mg/L at the

68th day. At the deeper layers with depths of −10 mm, −20 mm,

−30 mm and −40 mm, SRP decreased with time from 0.15 to

0.35 mg/L at the 68th day. These SRP values were lower than those of

the control treatment. At the depth of −60 mm, SRP decreased with

time from 2 to 62 h, and then increased from 62 h to 68th day. Its

value was 2.20 mg/L, which was higher than that of the control

treatment.

After the combined use of LMB and Ca(NO3)2 (LMB + CN treat-

ment), the concentration of SRP was obviously lower than that of the

control treatment at the depths from 0 to−50mmduring thewhole in-

cubation period. The concentrations of SRP were similar to those after

LMB treatment at the SWI (0 mm depth), but the values were much

lower in the deeper layer below the SWI. The concentration of SRP

after LMB+ CN treatment was similar to that after CN treatment. How-

ever, from the 336th hour (14th day), the values at the SWI (withmean

value of 0.236mg/L at the 14th day) were lower than those (withmean

value of 0.514 mg/L at the 14th day) after CN treatment.

Fig. 11 compares the mean values of SRP concentration at the SWI

from the four treatments. It can be seen that the SRP concentrations

after CN and LMB + CN treatments were obviously lower than those

of the control group and LMB treatment. Also, from the 336th hour

(14th day), the SRP concentration of the LMB + CN treatment group

was obviously lower than that of the CN treatment group.

After 68 days of treatment, the changes in DGT-labile P flux in the

sediment are shown in Fig. 12A. By averaging the DGT-labile P flux

levels, a one-dimensional image of the P flux was obtained, as shown

in Fig. 12B. The flux of the CK treatment group increased with depth

from 0 to −30 mm and was about 200 pg/cm2/s at the depth of −30

to −120 mm (Fig. 12). The DGT-labile P flux after LMB treatment was

significantly lower than that after CK treatment at the depth of 20 to

−20 mm; the average flux value of overlying water decreased from

32.31 pg/cm2/s to 16.06 pg/cm2/s while the average flux value at the

depth of 0 to −20 mm in the sediment decreased from

54.09 pg/cm2/s to 14.44 pg/cm2/s (Table 1). The DGT-labile P flux for

the CN treatment group was significantly lower than that for the CK

treatment group at the depths of 0 to−75 mm and significantly higher

than that for the CK treatment group in the overlying water and at the

depths of −80 to −120 mm. The average value of DGT-labile P flux at

the depth of 0 to −20 mm decreased to 34.40 pg/cm2/s; the average

value at the depth of −20 to −80 mm decreased to 73.28 pg/cm2/s;

the average value in the overlying water increased to 46.94 pg/cm2/s;

and the average value at the depth of −80 to −120 mm increased to

389.2 pg/cm2/s. The average value of DGT-labile P flux after LMB + CN

treatment decreased to 9.64, 11.26 and 65.06 pg/cm2/s in the overlying

water, at the depths of 0 to −20 and −20 to −80 mm, respectively,

which were lower than that after CN treatment.

3.7. Comparison of immobilization effects on sediment P

LMB treatment had a limited effect onmobile P in the sediment. The

extent of action was mainly related to the additional dose of LMB and

the amount of mobile P (Ding et al., 2018). Meis et al. (2013) found

that the control of P released from sediments was achieved when the

addition dose of LMB was 510 g/m2. Lin et al. (2015) added 510 g/m2

of LMB to the sediment and found that the amounts of loosely bound

P and iron-bound P was reduced in the 20 mm surface mixed sediment

(including the LMB layer) and about 50% of the mobile P was removed.

When 260 g/m2 of LMBwas added, the removal proportion of mobile P

in the 30 mm surface mixed sediment (including LMB layer) was only

14% (Lin et al., 2017). Wang et al. (2017) calculated the total amount

of mobile P in the 40 mm surface sediment and added LMB at a dose

of 200 LMB/Pmobile. It was found that the interstitial water SRP in

60 mm surface sediment was affected and mobile P in the 40 mm

Fig. 9. Changes in DGT-labile S(-II) in the sediment-water profiles after treatment for 68 days (the depth of 0 mm represents the sediment-water interface for CK and CN treatments and

the capping layer-water interface for LMB and LMB + CN treatments, respectively).
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surface sediment was affected. In this study, the addition dose of LMB

was about 120 LMB/Pmobile, and the pore water SRP was immobilized

up to a depth of b10 mm. The effect on the DGT-labile P was limited

to 20–30 mm (Fig. 12).

Compared to the overlying water addition method, the calcium ni-

trate sediment injection method can act on deep sediments more

quickly. However, the injection process may disturb the sediment and

cause desorption of solid-phase P and its release to the overlying

water. In the present study, approximately 0.04 mg/L of DGT-labile P

was released into the overlying water after the sediment was injected

with a calcium nitrate dose of 45.3 g N/m2. Lin et al. (2015) injected

61 g N/m2 of calcium nitrate into the sediment and found that the con-

centrations of SRP and total P in the overlying water increased after

66 days. Lin et al. (2017) injected approximately 44 g N/m2 calcium ni-

trate into the sediment and found that the SRP significantly increased on

the 30th and 60th days. After the addition of calcium nitrate, many

cracks appeared on the surface of the sediment and in the deep layer

(Fig. 1). This may be because the addition of nitrate nitrogen promotes

some reactions in the sediment and produces a large amount of gas

(possibly nitrogen or nitrous oxide) to make the sediment loose. This

may cause the release of endogenous P during the process of gas enter-

ing the overlying water (Lin et al., 2017).
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The combined application of LMB and calcium nitrate can unite the

advantages of the two agents to achieve better control of the SRP in

overlying water and sediment P, thus suppressing the release of SRP

from the sediment to the overlying water. The combined treatment af-

fected the SRP in the 40 mm surface interstitial water and the DGT-

labile P in the 60 mm sediment layers (Figs. 10, 12). This process can

be simply described as: LMB acted as an adsorbent and barrier at the in-

terface and converted the mobile P into a relatively stable form of P

which is not easily disturbed by the environment; the calcium nitrate

acted as a scavenging agent in the deep layer, and converted SRP in

the pore water and the sediment existing in loosely bound state into a

more stable iron-bound state, preventing the release of P from

sediment.

After the combined application of LMB and calcium nitrate, SRP at

the depth of −60 mm of sediment was first controlled. However, after

a period of time, it rebounded and the concentration rose back to the

level before treatment. This may be due to the strong desorption capac-

ity of the sediment solid phase P. From the variation of dissolved nitrate

nitrogen (Fig. 4), it was determined that the amount of NO3
−-N that can

penetrate into the depth of−60mmwas the least and its consumption

rate was the fastest, which returned to the pre-treatment level on the

8th day. When the nitrate nitrogen penetrating into the deep layer

was completely consumed, desorption of solid phase P in the sediment

played a leading role. Consequently, SRP in the pore water increased

and the soluble Fe at the depth of −60 mm also increased (Figs. 7 and

10). Wang et al., (2016) found that when sufficient amount of nitrate

was added, Eh value continued to rise. On the other hand, when the

dose was insufficient, both pH and Eh rebounded. In this study, calcium

nitrate at a dose of 45.3 g N/m2was used tomaintain the stability of P in

the 40 mm surface sediment. Increasing or decreasing the dose may

have effects on the range of action. Thus, in practice, the dose can be de-

termined based on the nature of the sediment and the desired control

effect.

4. Conclusions

The combined LMB + CN treatment significantly reduced the pH in

the 20 mm surface sediment. The CN and LMB + CN treatments signif-

icantly increased Eh in the 30 mm surface sediment. All the LMB, CN,

and LMB+ CN treatments increased the ammonia nitrogen concentra-

tion in the pore water for a short time, but it eventually returned to the

normal level relative to the control. The immobilization effect on sedi-

ment P extended to the upper 60 mm from the CN and the LMB + CN

treatments, which were much thicker than 20 mm obtained by LMB

treatment. Furthermore, LMB+ CN treatment achieved the lowest con-

centration of SRP in the overlying water among the four treatments.

Therefore, the proposed LMB + CN treatment is a better method for

preventing the release of P from sediments by overcoming the draw-

backs of the present methods.
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Fig. 12. Variation of 2D DGT-labile P flux (A) and horizontal average (B) in the sediment after treatment for 68 days.

Table 1

Average DGT-labile P flux in the overlying water and different sediment layers.

Layer DGT-labile P flux (pg/cm2/s)

CK LMB CN LMB + CN

20–0 mm 32.31 16.06 46.94 9.64

0 to −20 mm 54.09 14.44 34.40 11.26

−20 to −80 mm 196.6 260.4 73.28 65.06

−80 to −120 mm 184.5 301.8 389.2 386.7
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